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Abstract. Uptake, biotransformation, and elimination rates
were determined for pentachlorophenol (PCP), methyl para-
thion (MP), fluoranthene (FU), and 2,2",4,4',5,5'-hexachloro-
biphenyl (HCBP) using juvenile Hyalella azteca under water-
only exposures. A two-compartment model that included
biotransformation described the kinetics for each chemical.
The uptake clearance coefficients (k) were 25.7 = 2.9, 11.5 =
1.1, 184.4 + 9.3, and 251.7 = 9.0 (ml g~' h™") for PCP, MP,
FU, and HCBP, respectively. The elimination rate constant of
the parent compound (k,,) for MP was almost an order of
magnitude faster (0.403 = 0.070 h™") than for PCP and FU
(0.061 *+ 0.034 and 0.040 = 0.008 h™'). The elimination rate
constants for FU and PCP metabolites (k,,,) were similar to the
parent compound elimination 0.040 = 0.005 h™' and 0.076 +
0.012 h™ ', respectively. For MP, the metabolites were excreted
much more slowly than the parent compound (0.021 % 0.001
h™"). For PCP, FU, and MP whose metabolites were measured,
the biological half-life (t;;) of the parent compound was
shorter than the half-life for metabolites (t,,,,,,) because the rate
is driven both by elimination and biotransformation processes.
Thus, H. azteca is capable of metabolizing compounds with
varying chemical structures and modes of toxic action, which
may complicate interpretation of toxicity and bioaccumulation
results. This finding improves our understanding of H. azteca
as a test organism, because most biomonitoring activities do
not account for biotransformation and some metabolites can
contribute significantly to the noted toxicity.

Developing and improving new models and approaches to
assess the impacts of contaminants in the aquatic environment
requires improved knowledge of fundamental toxicological
processes. Toxicological processes can be divided into three
general phases; 1) exposure, 2) toxicokinetics, and 3) toxico-
dynamics (McCarty and Mackay 1993). The exposure phase
includes the period of time an organism is exposed to a chem-
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ical and the relative bioavailability of the chemical during that
exposure. The toxicokinetic phase includes the uptake, distri-
bution, metabolism, and elimination of the bioavailable portion
of the toxicant. The toxicodynamic phase involves the biolog-
ical response resulting from the chemical arriving at the site(s)
of toxic action in the organism and acting to produce its toxic
effect(s) in a time dependant manner (McCarty and Mackay
1993). Although our general understanding of these processes
is improving, there remains a paucity of information for many
important aquatic organisms, including those selected as stan-
dard test organisms, such as Hyalella azteca.

Hvalella azteca (Amphipoda: Hyalellidae) occurs widely
throughout North and Central America. As a result of its wide
distribution, ease of culture, and sensitivity to contaminants, H.
azteca was selected as one of three species for use in standard-
ized toxicity test procedures for contaminated freshwater sed-
iments (USEPA 2000; ASTM 2000). In addition, this organism
has been used in many toxicity and bioaccumulation assays
(Kane Driscoll e al. 1997a, b; McNulty et al. 1999; Blockwell
et al. 1999; Duan et al. 2000; Ingersoll et al. 2000; Schuler et
al. 2002). However, the fundamental disposition of contami-
nants within H. azteca has not been well studied. While H.
azteca is capable of metabolizing environmental contaminants
such as anthracene (Landrum and Scavia 1983), fluoranthene
(Kane Driscoll 1997b), and DDT (Lofuto et al. 2000) there are
limited data on biotransformation rates (Landrum and Scavia
1983) and toxicokinetics (Landrum and Scavia 1983; Lotufo er
al. 2000; Steevens and Benson 2001). Therefore, it is important
to determine H. agteca’s ability to metabolize different types of
chemicals, exhibiting different modes of toxic action and pre-
sumably different metabolic pathways. This information will
allow for a better understanding of how H. azteca processes
chemicals improving interpretation of bioassay results. Further,
as the use of body residue as a dose metric is explored and
expanded (e.g., McCarty and Mackay 1993), understanding
and interpreting the body residue in light of the toxicokinetics
and metabolic ability of organisms will permit better interpre-
tation of the hazard represented by such residues.

Therefore, this paper focuses on the toxicokinetic modeling
of several organic contaminants in H. azreca. The design for
this study provides improved estimates for biotransformation
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and elimination processes. The objectives were: (1) to deter-
mine the toxicokinetic parameters of four model compounds,
pentachlorophenol (PCP), methyl parathion (MP), fluoranthene
(FU), and 2,2",4,4',5,5'-hexachlorobiphenyl (HCBP), that are
expected to be processed by different metabolic pathways: and,
(2) to expand the application of improved toxicokinetic exper-
imental design and models developed by Lydy et al. (2000).

Materials and Methods

Organisms

Hyvalella azteca were obtained from existing cultures in the Environ-
mental Toxicology Core Facility in the Department of Biological
Sciences at Wichita State University. H. azfeca were maintained in
mixed-age cultures according to standard operating procedures of the
USEPA for static cultures (USEPA 2000). Juvenile H. azteca that
passed through a 1-mm sieve, but were retained on a 500-mm sieve
(2-3 weeks old) were used in the experiments,

Chemicals

The '“C-radiolabelled chemicals used in this study included pentachlo-
rophenol (=98% purity, 11.9 mCi/mmol), methyl parathion (>94%
purity, 13.8 mCi/mmol), fluoranthene (=99% purity, 52.0 mCi/mmol),
and 22", 4,4', 5,5'-hexachlorobiphenyl (=95% purity, 12.6 mCi/
mmol). Pentachlorophenol, MP, and HCBP were purchased from
Sigma Chemical (St. Louis, MO), while FU was purchased from
ChemSyn Laboratories (Lenexa, KS). Chemical purity of the radiola-
belled compounds was confirmed using a Hewlett Packard series 1100
high-pressure liquid chromatograph (HPLC) and/or thin layer chroma-
tography (TLC). Details concerning the separations are described in
the biotransformation section. Non-radiolabelled compounds were
purchased from Chem Service Co. (West Chester, PA).

Uptake Experiments

Uptake experiments were performed under static conditions in 600-ml
beakers. One day before the start of the exposure, a bulk aliquot (25 L)
of reconstituted Moderately Hard Water (MHW, USEPA 2000) was
spiked with individual test chemicals in an acetone carrier. The ace-
tone level never exceeded 100 wl per liter of water and most likely
evaporated during the one-day holding period. In the case of PCP and
FU, an isotopic dilution of "*C-radiolabelled plus non-labeled com-
pounds was used to achieve the appropriate concentration for the test.
Methyl parathion and HCBP exposures were run with the radiolabelled
compound only, since an isotopic dilution would have reduced the
radioactivity level below that desirable for measurement. Nominal
water concentrations were 132.3 pg/L PCP, 2.3 pg/L MP, 45.1 pg/L
FU, and 3.0 pg/L HCBP. These concentrations were selected based on
preparation for a larger project that will investigate the critical body
residue for these compounds in H. azteca. In general, the concentra-
tions were set at LC, levels with the exception of HCBP that is not
soluble enough to result in toxicity in aqueous solutions. Spiked water
was placed in the refrigerator (4°C) in the dark prior to use. The
following day, 400 ml of spiked water was poured into each of the 28
exposure beakers and 40 animals were gently placed into each of the
beakers. One-ml water samples were taken from each exposure beaker,
placed into 10 ml of ScintiSafe 50% scintillation cocktail (Fisher
Scientific, Fair Lawn, NJ) and quantified with liquid scintillation
counting (LSC, Packard 1900 TR Liquid Scintillation Analyzer, Me-
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ridian, CT). Beakers were then covered with aluminum foil to reduce
evaporation and placed into a Precision Scientific environmental
chamber (Chicago, IL) at 22°C and with a 16 light:8 dark photoperiod.
The light source for all of the experiments was yellow light (A = 500
nm), and was used to minimize possible photodegradation of the
compounds. Finally, water parameters of temperature, pH, dissolved
oxygen, and conductivity were recorded at the beginning and end of
each experiment.

Animals were not fed during the experiments, since feeding might
complicate estimation of the toxicokinetic parameters. Both animal
and water samples were taken at 0, 2, 4, 6, 8, 12, 16, and 24 h. Four
replicate beakers were sampled at each sampling time. Animals were
filtered with vacuum from the exposure water, rinsed with distilled
water, and blotted dry. H. azteca from each replicate were then
separated into two groups. The first 10 animals were weighed (to the
nearest 1.0 pg on a Cahn C-33 microbalance Cahn Instruments INC,
Cerritos, CA), placed directly into 10 ml of scintillation cocktail and
sonicated for one minute on pulse mode using a Tekmar Model
#TM501 Sonic Disruptor (Cincinnati, OH). These animals were used
as a measure of total radioactivity. The remaining animals from the
four replicates were pooled, weighed, placed into 5 ml of acetonitrile
(ACN) and frozen at —20°C. These animals were used to measure
metabolite formation. The metabolites were determined as detailed in
the biotransformation section.

All scintillation counting was performed for 10 min per vial using
automatic quench control. Sample counts were corrected for back-
ground and quench using the external standards ratio method.

Depuration Experiments

The contaminant loading for the depuration study was conducted in
1-L beakers with 100 H. azteca placed into each beaker. The water-
animal ratio was the same as in the uptake experiments, with one
animal per 10 ml of exposure water. After a 24-h exposure period,
animals were gently sieved from the dosed water, and rinsed with
MHW. This collection time was considered time zero for the depura-
tion experiment. Depuration experiments were conducted in 40 250-ml
beakers with 30 H. azteca in each beaker. Beakers were covered with
300 wm mesh netting (Argent Chemical Laboratories, Redmond, WA)
to prevent escape of test animals from the beakers, while they were
immersed in a 20-L aquarium. Aquaria contained 17-L of MHW and
a constant flow-through system, at the flow rate of 20-L a day, to keep
radioactivity in the water at background levels during the depuration
experiments. Both animal and water samples were taken at 0, 2, 4, 8,
12, 16, 24, 36, 48, and 72 h. Four replicate beakers were sampled at
each sampling time. Sampling and analysis were performed using the
same methods as described in the uptake section.

Biotransformation

Frozen H. azteca samples were thawed, sonicated in acetonitrile, and
centrifuged at 3,000 g for 15 min. The supernatant was then transferred
to an evaporation vial and the pellet washed with 3-ml of methanol,
vortexed, and centrifuged. The washing step was repeated and the
methanol supernatants combined with the acetonitrile supernatant. The
extract was then concentrated to 500 pl under a stream of nitrogen.
Radioactivity of the remaining pellet was measured and these counts
represented unextractable tissue bound metabolites. The concentrated
extracts were then introduced into either an HPLC (FU. MP) or spotted
onto a thin layer chromatography (TLC) plate (PCP). HPLC/TLC was
used to fractionate the extract into parent compound and polar metab-
olites. Fractions were quantified with LSC in order to determine the
ratio of parent and metabolites. The mass balance of radioactivity for
FU, PCP, MP, and HCBP was measured as (H. azfeca extract + H.
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azteca residue)/total, averaged 86 * 22%, 86 = 25%, 111 £ 11%, and
112 = 10% (mean = SD, n = 17), respectively.

Separation of parent compound and metabolites for MP and FU was
accomplished using a Hewlett Packard 1100 HPLC attached to a Foxy
Junior Fraction Collector (Isco, Lincoln, NE). Detection of compounds
was accomplished using an UV VIS detector set at 254 nm. Fractions
containing parent compound were collected (.5 min before and after
the retention time of the non-radiolabeled parent compound standard.
Metabolite standards were not available; however, all fractions col-
lected before the parent fractions were considered to be polar metab-
olites. All fractions were analyzed for "C activity to quantify the
amount of parent and metabolite. The analytical column was a 25-cm
C18 Hybersil (Hewlett Packard). Acetonitrile (ACN) and water were
used as the mobile phase. The gradient elution for MP started at 30%
ACN, increased to 70% ACN during the first five minutes, and from 70
to 100% during the last five minutes of the 10 min run. Fluoranthene
was run isocratically using a 50:50 water and acetonitrile mixture for
10 min.

For PCP, the separation of parent compound and metabolites was
performed by thin layer chromatography (TLC). TLC analyses were
conducted on silica gel coated glass plates with a UV indicator using
a hexane:acetone (60:40 vol/vol) solvent system. The plates were
spotted with both concentrated extract and PCP standard. After devel-
opment, the PCP standard was visualized and area corresponding to
the standard was marked for the extracts. The plate was then subdi-
vided into six increments from the origin to the location of the parent
compound. The silica gel was scraped from the plate and placed in
scintillation cocktail for LSC analysis. The increments corresponding
to the parent compound were combined and all other increments were
assumed to be metabolite.

Data Analysis

The uptake and elimination of the chemicals were determined using a
two-compartment model to describe the distribution of compounds in
H. azteca (Lydy er al. 2000) (Fig.1). During the uptake phase, parent
compound reversibly entered compartment C,, from the water at a rate
characterized by k. Chemical may leave the C, compartment either by
elimination (k) or by biotransformation (k) to compartment C,.
The rate constant k,,, describes the elimination of metabolites from
The data were collected so that the uptake and elimination phases
could be modeled simultancously. The data were fit by performing an
iterative least squares fit to the following differential equations (1-3)
using the fourth-order Runga-Kutta approach in the software package,
Scientist, version 2.01 (MicroMath, Salt Lake City, UT).

4C,y

; Lli- =)= {krpcp) = (kenCr) (n

ac, _

= (KC) — (kG = (kG @
a0 k,.C k.nC 3
dt ! m -p] ( e -r.l) ()

Where: C,, is the concentration of total compound in the
animal (ng g '), C,, is the concentration of parent chemical in
the animal (ng ¢ '), C,, is the concentration of metabolites in
the animal (ng g '), C,, is the concentration of the chemical in
water (ng ml '), &, is the uptake clearance coefficient (ml g~
h™'), k., is the parent compound elimination rate constant
(h™"). k,, is the metabolite formation constant (h~'), k,,, is the
metabolite elimination rate constant (h "), and t is the time (h).
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Fig. 1. Two compartment toxicokinetic model for chemicals in Hya-
lella azteca (C, = concentration of parent compound in the animal;
C,, = concentration of metabolite in the animal; k,, = uptake clearance
coefficient: k,, = parent compound elimination rate constant; k,, =
metabolite formation constant; k_,, metabolite elimination rate con-
stant)

To use the model, estimates of the four initial parameters (k,,
koo ko and k) were needed. To estimate k. the uptake data
for the total radioactivity were fit to a two-compartment model
(Landrum et al. 1992).

dc“\l
ke GOl Ky G (4)

dt
Where k, is the total compound elimination rate constant (h™").
To obtain estimates for k,, k., and k., we initially fit the
depuration data to the appropriate one-compartment model
(Equations 5-7). An additional parameter k,, was included as
a measure of the disappearance of parent compound from the
organism.

dCIIIl
e L Ci) (5)
dc,
di = _(k:!p % C|.) (6)
dCI\i
¢ = " (Ken* Cu) (7)
Where k, is the disappearance of parent compound (h~ h.

Based on the &, and &, estimates, the initial parameters k,,
and k,, were calculated (Equations 8 and 9).

Ky = Ko = ke (8)

k, = k\lp - kup (9)

Some modifications for the model were required for modeling
MP and FU toxicokinetics. For example, to properly estimate
all four parameters for MP, &, had to be held to a constant level
of I1.5ml g "h™', which was set based on the initial modeling
of the total radiolabeled compound uptake (Equation 4). This
was necessary, since the k, estimate from the four-parameter fit
was very poor (SD was 46% of the estimate). Constant infusion
kinetic models generally assume that water concentrations will
remain constant (<<10% change) throughout the uptake portion
of the experiment. However, when fitting by numerical inte-
gration, this is not a requirement and the data can be fit so long
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as the relationship between the change in water concentration
and time can be represented accurately. In the case of FU, the
water concentration decreased 20% during the uptake phase of
the experiment. This decline in chemical concentration in the
water was taken into account by adding equation 10 to the
overall model.

C, =(0.42%0.02) — (1-48.6%0.2) (10)

Bioconcentration factors (BCF) for the parent compound were
estimated from the kinetics using the following equation:

c k,
BCF = -*

C. o, Kk an

To properly evaluate a BCF for a metabolized compound, both
the elimination rate of the parent compound (k,,) and the loss
rate via biotransformation (k,,) must be considered.

The biological half-lives of the parent compound (7,,,,) and
metabolites (t,,,,) were determined by using the following
equations:

0.693

tip = (_k,p_+k7,_) (12)

0.693

Lyjom = K
em

(13)

Linear regression analysis was used to measure the change in
water concentration during the uptake phase, and to determine
whether the weight of the test animals changed during the
exposures. A significance level of (.05 was employed to detect
statistical difference. Analyses were performed with SPSS for
Windows, release 10.1.0 (SPSS Inc. Chicago, IL).

Results

Modeling

Many factors can influence the observed toxicokinetics of
aquatic organisms including environmental parameters such as
temperature and physiological parameters such as organism
size. To make comparisons among the compounds, the expo-
sure conditions were controlled. Exposure water temperature
was maintained at 21 = 1°C, conductivity remained between
335-350 pS/em, pH ranged from 7.8 to 7.9 and dissolved
oxygen from 7.6 to 7.8 mg/L. A small decline in water con-
centration was observed, for PCP, MP, and HCBP; however,
the decline was less than 5%, therefore it was not incorporated
into the modeling process. The FU water concentration de-
clined 20% during the uptake phase (F = 370, df = 1,54, p <
0.05). This decline was corrected by adding Equation 10 to the
overall model.

Simple toxicokinetic models also assume that the weight of
exposed organisms does not change during the experiment.
Further, to compare among studies, the size of the organisms
must be the same, since size can greatly affect k, (Landrum
1988: Landrum et al. 2001). The mean weights of the H. azteca
did not change during the 96-h tests and the sizes of the
organisms were similar among tests. Measured mean weights
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per amphipod during the 96-h test were: 0.67 = 0.20 mg.
0.68 = 0.14 mg, 0.65 = 0.12 mg, and 0.66 *+ 0.15 mg (mean =
SD, n = 130) for PCP, MP, FU, and HCBP tests, respectively.
A two-compartment model (Lydy et al. 2000) that parti-
tioned the organisms into two homogenous compartments, one
for the parent compound and a second for the metabolites was
used to describe the kinetics of PCP, MP, and FU (Fig.1). The
coefficients of determination (COD) for the overall models
were good to excellent, 0.76, 0.90, and 0.83 for PCP, MP, and
FU, respectively (Table 1). A simpler one-compartment model
was used to determine the kinetics for HCBP because of the
absence of biotransformation. The COD for the fitted equation
for HCBP was high (0.83) for this simpler model (Table 1).

Pentachlorophenol

The toxicokinetics of PCP are greatly affected by the pH at
which the experiment is conducted due to ionization of the
compound. The pKa for pentachlorophenol is 4.74 (Westhall
1985). Thus, at the pH used in the current studies (e.g. 7.8—
7.9), PCP was largely ionized. The resulting uptake clearance
(k,) by H. azteca was 25.7 = 29 ml-g! h™! (Fig. 2). The
elimination rate constants for parent compound and metabolites
(kep and k.,) (0.061 = 0.034 and 0.076 £ 0.012 h™') were
similar suggesting that there was equal resistance to elimina-
tion likely due to the ionized state of the compounds. The PCP
biotransformation rate (k,, = 0.133 = 0.017 h™") was slower
than that estimated for MP, but faster than for FU (see below).
The BCF calculated from the kinetics for PCP was 132. The
biological half-life of the parent compound (z,,,) was 3.6 h,
and half-life of metabolites (t,,,,) was 9.1 h (Table 1).

Methyl Parathion

The uptake clearance (k,) of MP by H. azteca was slow at
11.5 = 1.1 ml g ' h™! (Fig. 2) reflecting the relatively small
log K,,. (2.04) for this compound, while the elimination of the
parent compound (k,, = 0.403 = 0.070 h™') was relatively
fast. On the other hand, MP metabolites were eliminated very
slowly (k,,, = 0.021 = 0.001 h™'). The biotransformation rate
for MP (k,, = 0.539 + 0.095 h™") was rapid compared to the
rate for the other compounds. The BCF for MP calculated from
the kinetics was 12. The biological half-life of the parent
compound (t,,,,) was 0.7 h, and half-life of metabolites (7,,,,)
was 33.1 h (Table 1).

Fluoranthene

The uptake clearance (k,) of FU by H. azteca was 184.4 = 9.3
ml g~' h™' (Fig. 2), while the elimination rate constants for
parent compound and metabolites (k,, and k,,,) were equal
(0.040 *+ 0.008 and 0.040 + 0.005 h™"). The FU biotransfor-
mation rate (k,, = 0.048 = 0.004 h™') was relatively slow
compared to PCP and MP and is likely due to the difference in
the metabolic systems that are responsible for the biotransfor-
mation among the different compounds. The BCF calculated
from the kinetics for FU was 2095. The biological half-life of
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Table 1. Toxicokinetic model parameters (= SD) for pentachlorophenol, methyl parathion, fluoranthene, and hexachlorobiphenyl by Hyalella
azteca in artificial fresh water at pH 7.8 and some chemical characteristics of the studied compound

Parameter PCP Methyl parathion Fluoranthene HCBP

k, (ml g7'h™h 257+29 115+ 1.1 184.4 + 9.3 251.7 = 9.0
ki 0.061 + 0.034 0.403 = 0.070 0.040 + 0.008 0.004 + 0.001
k.. (h™ %) 0.076 + 0.012 0.021 = 0.001 0.040 + 0.005 ND
k,(h™h) 0.133 + 0.017 0.539 = 0.095 0.048 + 0.004 ND

k. th™H! 0.068 + 0.012 0.015 = 0.002 0.026 * 0.002 0.004 + 0.001
Kinetic BCF? 132 12 2095 69,917
Regression BCF? 479* 36° 33 2358 45,362

ty» (h) parent® 3.6 0.7 79 193

t;,» (h) metabolite” 9.1 33.1 17.2 ND
Ccop® 0.76 0.90 0.83 0.83

Log K, 4.45%3.2° 2.04° 52210 6.65°
Water solubility (mg/L) 14 (20°C)° 55-60 (25°C)° 0.265 (25°C)° 0.0088 (25°C)"!

ND = not determined.
k. = total compound elimination rate constant (h ).
2BCF = (k,)(k,p + ky) " Equation (11).

? Calculated BCF taken from the regression Log BCF = 0.898 Log K, — 1.315 (Hawker and Connell 1986).

* Using log K,,,, from Westhall (1985).

* Log K,,, value for pH 7.8 from Kaiser and Valdmanis (1982).
tip = (0.693) - (kep, + k)7

Ttip = 0693 -k, L.

# Coefficient of Determination.

? Verschueren (1983).

19 Mackay et al. (1991).

"' Wallnofer et al. (1973).

the parent compound (1;,,,) was 7.9 h, and half-life of metab-
olites (t;,,,) was 17.2 h (Table 1).

Hexachlorobiphenyl

The uptake clearance (k,) of HCBP (251.7 = 9.0 ml g_' hh
was the most rapid of all the compounds (Fig. 2), while the
elimination rate (k,, = 0.004 = 0.001 h~ ') was over two orders
of magnitude slower reflecting the large log k. (6.65) value for
this compound. HCBP was not analyzed for biotransformation,
since it is generally recognized that many species, including
fish, show little ability to biotransform highly chlorinated PCB
congeners (Stein et al. 1987). Thus, the kinetics for HCBP was
simplified. The measured BCF was 69,917 at the end of the
exposure, and the calculated BCF from the kinetics was
45,362. The biological half-life of the compound was 193 h
(Table 1).

Discussion

In this study, uptake clearances (k,) generally increased with
increasing log K, of the parent compound, while the elimina-
tion of the parent compound (k,,,) was inversely proportional to
log K, indicating that the more hydrophilic compounds were
poorly accumulated and more readily eliminated. This relation-
ship between the hydrophobicity of a compound (log K,,,) and
its relative uptake and elimination rates is well documented
(Lohner and Collins 1987; Landrum 1989; Lydy et al. 1992).
On the other hand, the rates of biotransformation also appeared
to be inversely related to the log K, of the compound. This

likely occurs because the more hydrophilic compounds tend to
have more reactive functional groups in their structures. While
specific metabolites were not determined in this study, it is
expected that the relationship between the rate of biotransfor-
mation and the hydrophobicity of the compound is complicated
by the route and type of metabolite that is formed for each of
the compounds. For instance, the biotransformation of PCP is
expected to proceed via phase II conjugation only, while the
other compounds must first undergo some form of phase I
biotransformation (Stehly and Hayton 1988).

The kinetics determined in this study are more complex than
are generally modeled for aquatic invertebrates. As a result, the
fate of the parent compound and the metabolites are better
defined. However, the increased detail makes comparison with
other work difficult. This particularly affects comparison of the
elimination rates in this work with the overall elimination rates
often presented. When the elimination rate is modeled by a
single constant for total radioactivity, it is not known what
compound formation actually is the rate-controlling step, elim-
ination of parent compound or metabolite. For instance, if
estimates of k, for total elimination of MP (0.015 h™") were to
be evaluated against the detailed kinetics, it is clear from the
data (Table 1) that the overall elimination of radioactivity is
primarily limited by the rate of elimination of the metabolite
(0.021 h™ ). The balance of the total elimination is nearly equal
between parent and metabolite for FU and dominated by the
rate of elimination of parent for HCBP. When comparing to
other studies where a single total elimination constant is avail-
able, it may be necessary to compare to the rate constant for
parent, metabolite, or both depending on the compound and the
extent of biotransformation.

In the case of PCP, the compound is mainly ionized at pH
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Methyl parathion
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Fig. 2. Toxicokinetics of pentachlorophenol, methyl parathion, fluoranthene, and hexachlorobiphenyl by Hyalella azteca in moderately hard
water; [1 = total compound, A = polar metabolites, and O = parent compound; the lines represent the predicted points from the model. The

depuration phase started at 24 h and is marked with an arrow

7.8-7.9, thus a high accumulation rate is not expected. This is
because the rate of uptake of the ionized form is expected to be
much slower than that for the non-ionized form. The overall &,
(25.7 +29ml g ' h™") for PCP was slow compared to uptake
rates in studies with H. azetca with other compounds. For
example, Landrum and Scavia (1983) found a much faster
uptake clearance (218 =27 ml g~ ' h™') for H. azetca exposed
to anthracene. This finding was initially surprising, since an-
thracene has a similar log K, value (4.54) to PCP (4.45).
However, if the effective log K, value for PCP at pH 7.8 is
used (3.2, Kaiser and Valsmanis 1982), then the slower k,
value found for PCP is more in line with expectations. On the
other hand, the uptake clearances for PCP found in the current
study compare fairly well with those observed for other organ-
isms: 3.1 = 0.9 ml g ' h™' for Diporeia spp. at pH 8 and 4°C
(Landrum and Dupuis 1990), 39.5 ml g~ ' h™' for goldfish at
pH 7 and 20°C (Stehly and Hayton 1990), 55.5ml g ' h™' for
Chironomus tentans at pH 7 and 20°C (Lydy et al. 1994) and
423 mlg " h ! for Dreissena polymorpha at pH 8.5 and 25°C
(Fisher et al. 1999). The small differences that were noted
among these species can be attributed to functional issues such
as the high filtering rates of bivalves, physical characteristics
such as organism size and lipid content that can affect mea-
sured uptake rates or differences in exposure conditions such as
pH and temperature (Landrum 1988).

PCP was metabolized by H. azetca at a fairly fast rate
(0.133 = 0.017h™"). In general, phenols are metabolized di-
rectly by phase II conjugation reactions, thus accounting for the

relatively rapid metabolite formation. This rate is considerably
faster than that for FU (0.040 = 0.005 h™"), which must be
transformed by oxidative metabolism with systems such as
cytrochrome P450. Conjugation reactions for PCP generally
involve sulfate or glucuronide conjugates (Stehly and Hayton
1988). In this study, polar PCP metabolites were eliminated
(0.076 = 0.012 h™') at the same rate as the parent compound
(0.061 = 0.034 h™"). The relatively slow elimination of the
conjugated metabolites and parent compound likely results
from the difficulty of the ionic form in passing through the
respiratory membrane, the likely site of elimination of these
compounds (Landrum and Crosby 1981).

Methyl parathion is not accumulated as rapidly (11.5 = 1.1
ml g~ " h™") as the other compounds tested in this study and
that is because it has the smallest log K, value of the group
(2.04, Verschueren 1983). A literature review found no toxi-
cokinetic studies performed with aquatic invertebrates for MP;
however, de Bruijn et al. (1991) measured toxicokinetic pa-
rameters for MP in fish (Poecilia reticulata). The uptake clear-
ance was 0.11 = 0.04 ml g~ " h™ ' and the slower uptake for P.
reticulata compared to H. azteca was likely due to the larger
size of the fish compared to the amphipod.

Metabolite formation of MP in H. azetca was rapid (k,, =
0.539 + 0.095 h™ "), which likely reflects the number of routes
available for degradation including metabolism by esterases,
hydrolases, oxidases, and gluathione s-transferases (Lydy et al.
1999; Chambers and Levi 1992). In a study by Gunning et al.
(1994), MP also was rapidly metabolized and excreted by the
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terrestrial insect larvae Helicoverpa armigera and H. punc-
tivera with p-nitrophenol identified as the dominant metabolite.
Polar metabolites were eliminated slowly from H. azetca
(0.021 = 0.001 h™") compared to the elimination of parent MP
(0.403 = 0.070 h™') and compared to the elimination of the
PCP and FU metabolites. This may result from the formation of
bound metabolites associated with the receptor. One of the
metabolites, methyl paraoxon, binds almost irreversibly to the
cholinesterase receptor (Kallander et al. 1997), which partly
explains the slow elimination of MP metabolites (t;,, =
33.1 h). The significantly shorter biological half-life of the
parent compound (¢,,,, = 0.7 h) takes into account both the
actual elimination of the parent compound and its biotransfor-
mation into metabolites.

The uptake clearance (k,) for FU (184.4 = 9.3 ml g_' hh
by H. azteca was similar to that measured by Kane Driscoll et
al. (1997b) for the same species. Their k, values ranged from
284 t0 439 ml ¢ ' h™'. It also was similar to the uptake rate
found for anthracene by H. azteca 255 = 76 ml g~' h™!
(Landrum and Scavia 1983). This was likely the case, since the
log K, values for anthracene and FU are fairly similar (4.54
versus 5.22). The parent compound elimination rate constant
(k,,) for FU was 0.040 *= 0.008 h™', and was rather slow
compared to those measured by Kane Driscoll et al. (1997b).
They found elimination rates that ranged from 0.128 to 0.188
h™!'. The elimination of the FU metabolites (0.040 * 0.005
h™") was as slow as the elimination of parent compound (Table
1). The slow elimination of the metabolites was similar to that
found for the other compounds. This also reflects the possible
influence of resistance of membranes to the passage of polar
compounds reducing the rate of loss. The metabolite formation
rate for FU was slow (0.048 = 0.004 h™') compared to the
other studied compounds. Biotransformation requires that ox-
idative metabolism, such as through a P450 enzyme system,
insert a functional group into fluoranthene. This process is less
likely available than simple conjugation or ester hydrolysis,
because of either lower enzyme titers or greater energetic
requirements or both. The rate of FU metabolism by H. azteca
was greater in this study than found previously (Kane Driscoll
et al. 1997b). After 24 h, 57% of the total body burden was
present as parent FU in the present study compared to 83%
found in the Kane Driscoll et al. (1997b) study.

The uptake clearance (k,) for HCBP (251.7 £ 90 ml g k
h™"') was the largest among the compounds tested and reflects
HCBP’s larger log K, (6.65). The uptake clearance rate was
larger than those measured by Evans and Landrum (1989) for
Diporeia spp. and Mysis relicta 53.5 ml g ' h™' and 57.5 ml
¢ " h™!, respectively. Conversely, the k, for Dreissena poly-
morpha (1102 = 356 ml ¢~ ' h™ ') was larger than that for H.
azteca likely due to the high filtering rate of the mussels
(Gossiaux et al. 1996). However, the k, value for H. azetca was
within the range found for Diporeia spp. 66-392 ml g ' h™!
over a range of temperatures of 4-12°C and mass of organisms
from 1.8-14 mg wet weight (Landrum et al. 2001). The parent
compound elimination rate constant (k.,) by H. azteca for
HCBP was 0.004 = 0.001 h™" in the present study, which is
faster than those measured for Diporeia spp. (0.0008 h™',
Evans and Landrum 1989; 0.0006 h™', Landrum ef al. 2001).
On the other hand, D. polymorpha had a similar elimination
rate constant value (0.004 = 0.0001 h™', Gossiaux et al. 1996).

Calculated bioconcentration factors (BCFs) from regression
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with the octanol/water partition coefficient (Hawker and Con-
nell 1986) were in general agreement with those estimated
trom the kinetics for the parent compound, but did not reflect
the total bioaccumulated residue (Table 1). This was mainly
because the biotransformation observed in H. azteca could not
be accounted for in the kinetic equations. The BCF estimated
from the kinetics for PCP was 132 and in good agreement with
the BCF for Mysis relicta (128) at pH 8 (Landrum and Dupuis
1990). At lower pH’s with reduced ionization, the BCF values
for PCP in the literature were higher. For example, the BCF for
Anodonta anatina varied from 145 to 342 at pH 6.5 (Mikela
and Oikari 1990) and for Chironomus riparius the BCF was
458 at pH 6 (Lydy et al. 1994). The extent of ionization
coupled with species differences in lipid content and filtration
rates most likely influenced these BCF estimates. The BCF
estimated from the kinetics is lower than that calculated from
the log K, relationship (479) if the log K, of the non-ionized
PCP is used, this difference can be explained both by biotrans-
formation and ionization of PCP. Accounting for the effect of
ionization (Kaiser and Valmanis 1982) on log K. the BCF
estimated from the regression is lower (36) than that estimated
from the kinetics. This is likely the result of either not accu-
rately accounting for the impact of pH on log K, or more
likely the limit of using a regression equation for non-polar
hydrophobic compounds on a polar ionized compound.

Methyl parathion has a low log K, of 2.04 (Verscheuren
1983) and the combination of this along with the very high
biotransformation rate accounts for the low BCF estimated
from the kinetics (12). Similar BCFs have been reported for the
guppy (9.6) (de Bruijn and Hermens 1991) and for the deco-
pod, Cambarellus montezumae (9), the mollusk, Planorbidae
(17) and the macrophyte, Lemna sp. (7) in a freshwater com-
munity in Mexico (De la Vega Salazar et al. 1997). The
estimated BCF from the reported log K, (3.3) is lower than
that estimated from the kinetics (12). Thus, the empirical
regression equation appears to be performing poorly for MP
not accounting for the high biotransformation rate for this
compound.

The BCFs for both FU and HCBP estimated from the kinet-
ics are close to those calculated from the log K,,, regression,
although the estimated value from the regression equation for
HCBP was a little low. The BCF estimated from the kinetics
for HCBP could be artificially elevated due to the error asso-
ciated 'with the estimate of k,, (0.004 = 0.001), which has a
relatively large standard deviation (25% error) or because the
log K,,,, and BCF relationship breaks down for compounds with
log K,,, values greater than 6 (HCBP log K, = 6.65).

Recent efforts to employ body residue as a dose metric has
focused on parent compound concentrations (McCarty and
Mackay 1993). However, this work has shown that there is a
substantial buildup of metabolites in H. azteca exposed to
several compounds of differing chemical classes. Currently,
with the exception of compounds like MP where the oxon
metabolite is recognized as the proximal toxicant, the impact of
metabolites on toxicity are generally not known or studied. If
the use of accumulated body residues is to be effective as a
dose metric, then the impact of metabolite accumulation will
need to be determined.

This was among the first studies to examine the kinetics of
biotransformation of xenobiotics in aquatic invertebrates with
multiple classes of compounds. It is clear that there is a buildup
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of metabolites that may well contribute to the total body
residue of the contaminants and contribute to the toxic response
either through some specific mode of action or through a
non-polar mechanism of action. However, the extent of metab-
olite contribution to toxicity is not currently known. Thus, if
metabolites contribute to the toxicity of contaminants, new
bioaccumulation models will need to be developed to predict
total effective residue in these organisms to improve hazard
interpretation.
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